Habitat fragmentation may strongly impact population genetic structure and reduce the genetic diversity and viability of small and isolated populations. The white-headed langur (Trachypithecus leucocephalus) is a critically endangered primate species living in a highly fragmented and human-modified habitat in southern China. We examined the population genetic structure and genetic diversity of the species and investigated the environmental and anthropogenic factors that may have shaped its population structure. We used 214 unique multi-locus genotypes from 41 social groups across the main distribution area of T. leucocephalus, and found strong genetic structure and significant genetic differentiation among local populations. Our landscape genetic analyses using a causal modelling framework suggest that a large habitat gap and geographical distance represent the primary landscape elements shaping genetic structure, yet high levels of genetic differentiation also exist between patches separated by a small habitat gap or road. This is the first comprehensive study that has evaluated the population genetic structure and diversity of T. leucocephalus using nuclear markers. Our results indicate strong negative impacts of anthropogenic land modifications and habitat fragmentation on primate genetic connectivity between forest patches. Our analyses suggest that two management units of the species could be defined, and indicate that habitat continuity should be enforced and restored to reduce genetic isolation and enhance population viability.
INTRODUCTION
It is widely recognised that continued population isolation caused by natural or anthropogenic habitat fragmentation can lead to modified population genetic structure, reduced genetic variation within subpopulations and a decline of the total effective population size (Keyghobadi, 2007; Radespiel and Bruford, 2014) . These consequences are particularly detrimental for species with small populations, as they are more vulnerable to inbreeding depression, which can lower individual fitness and viability and potentially result in local extinctions (Keller and Waller, 2002; Frankham, 2005) . Therefore, functional connectivity among habitat patches that ensures gene flow is essential for long-term population persistence. Identifying the environmental factors that impede or facilitate dispersal across landscapes has thus become a priority in conservation research of endangered species with fragmented distribution patterns (Lindenmayer et al., 2008; Luque et al., 2012) . Early detection of gene flow discontinuity and genetic differentiation can reveal landscape-organism interactions, identify key barriers to dispersal, determine conservation priorities and facilitate the design of appropriate strategies to counteract genetic isolation (Segelbacher et al., 2010; Leslie, 2013) .
Primates are underrepresented in landscape genetic investigations, in part due to the fact that most of these species exhibit high mobility and thus are expected to be less restricted by landscape barriers to dispersal (Quéméré et al., 2010; Salmona et al., 2015) . In addition, the genetic consequences of dispersal barriers may not manifest until long after the establishment of the associated landscape features owing to long generation times in most primate species, which prohibits timely evaluation of the impact of recent landscape changes. However, a number of studies have shown strong impacts of habitat discontinuity caused by human land modification on the genetic structure of primate populations (Grativol et al., 2001; Oklander et al., 2010; Quéméré et al., 2010; Blair and Melnick, 2012) , indicating significant influences of landscape anthropogenic factors on primate genetic patterns.
Traditional dispersal rate measurement in a fragmented habitat by direct observation, mark-recapture or radio-tracking methods is often difficult, costly and inaccurate (Koenig et al., 1996) . Molecular genetic analysis, coupled with non-invasive sampling, has provided an alternative approach for evaluation of effective gene flow among populations (Griesser et al., 2014) . This approach is particularly favourable for the study of migration patterns in endangered primates living in challenging habitats. For instance, genetic analyses have shown the impacts of habitat fragmentation on dispersal behaviour and population genetic structure in the black-and-white howler (Alouatta caraya; Oklander et al., 2010) and black-handed spider monkey (Adeles geoffroyi; Hagell et al., 2013) . The recent development of landscape genetic statistical tools allowed further assessment of the influence of environmental features on genetic patterns in endangered primates (Quéméré et al., 2010; . In addition, evaluation of genetic diversity, population structure and demographic history is increasingly incorporated into conservation studies, and has provided essential knowledge for assessing long-term population viability, defining appropriate conservation units and designing management strategies (Bastos et al., 2010; Chaves et al., 2011) .
Asian colobine monkeys face a severe threat of extinction as a result of habitat destruction and fragmentation and human exploitation. Among the 55 currently recognised species of Asian colobines, 41 (75%) are classified as vulnerable, endangered or critically endangered on the International Union for Conservation of Nature (IUCN) Red List (Roos et al., 2014) . Asian colobines are also among the most disproportionally understudied groups of primates concerning their population genetic data. Except for a few species (Rhinopithecus roxellana, Pan et al., 2009; R. bieti, Liu et al., 2009; R. brelichi, Yang et al., 2012 and Kolleck et al., 2013; Trachypithecus delacouri, Ebenau et al., 2011) , very little information is available on genetic diversity and population structure for most Asian colobines. Hence, there is an urgent need to understand the population genetic characteristics of Asian colobines to support science-based conservation design. The white-headed langur (Trachypithecus leucocephalus) is an Asian colobine endemic to a narrow range of karst forests in Guangxi Province, South China. With~1000 individuals remaining in the wild, T. leucocephalus is classified as critically endangered by the IUCN (IUCN, 2016) . Although the species was first described in the 1950s (Tan, 1957) , it remains one of the least known primates; its historical range and population status before the 1980s is unclear. Population surveys of T. leucocephalus conducted during the last 30 years indicated a contraction of nearly 80% in the total range of the species (from 360 to 80 km 2 ), extirpations of several local populations and population size reduction of~60% in one of the largest populations, Fusui (FS), from 1987 to 1997 (Hu et al., 1998; Ran, 2003) . The main threats to the species included habitat loss and deterioration due to land exploitation for crop cultivation, firewood cutting, limestone mining and poaching (Burton et al., 1995; Huang et al., 2002) . Poaching has been largely eliminated in recent years, but habitat destruction and fragmentation have not improved and remain imminent threats to the survival of the species. There are three main extant populations:~550 langurs in FS, 300 langurs in Chongzuo (CZ) and 80 langurs in Nonggang (NG; Chongzuo Nature Reserve, 2010). Habitat conditions vary considerably across the range of T. leucocephalus. In stark contrast to an ideal continuous habitat in NG with primitive vegetation and minimal human accessibility, habitats in FS and CZ are highly disrupted by human land use; the limestone hills inhabited by the langur are separated into patches by flat land that has been cleared and exploited as farmland and residences (Li, 1993; Huang et al., 2002) . Native vegetation cover generally remains only on steep limestone hills unsuitable for crop cultivation. These habitat patches vary in size, distance from other patches and degree of functional connectivity. It is unclear how habitat fragmentation and recent population decline have influenced individual dispersal and genetic structure within and among the habitat patches. Thus, T. leucocephalus provides an ideal system for studying the scale and extent of the effects of anthropogenic land modifications on population genetic patterns of Asian colobine monkeys, which suffer from a persistent threat of human disturbance.
Previous population genetic study of T. leucocephalus indicates very low genetic diversity and significant divergence between the populations (Φ ST = 0.375, Po0.001; Wang et al., 2015) . However, these results were based on a 350 bp fragment of mitochondrial DNA (mtDNA) hypervariable region I (HVRI) from only 77 individuals. To gain a comprehensive understanding of the genetic diversity and population structure of T. leucocephalus at a finer scale and identify contributing habitat features, we genotyped 15 microsatellite loci, mtDNA control region sequences and sex-specific markers of faecal samples collected non-invasively from social groups across its main distribution areas. To assess population genetic structure and genetic differentiation among inferred subpopulations, we used individualbased, spatially explicit and nonspatial Bayesian clustering algorithms, neighbour-net tree analysis and F-statistics. To identify landscape factors that influence gene flow, we applied a causal modelling approach to test whether geographical distance and anthropogenic habitat fragmentation (large and small habitat gaps, and roads) are correlated with genetic distance among individuals of T. leucocephalus. The causal modelling framework can evaluate the effect of each landscape factor independent of other factors, hence disentangling the influences of multiple factors on gene flow. To gain an understanding of genetic diversity of the species, we evaluated the population genetic diversity parameters of the total population and inferred genetic subpopulations, and compared these with genetic diversity data of other endangered primates. Finally we made recommendations for conservation of population viability on the basis of our results.
MATERIALS AND METHODS

Study area and faecal sample collection
We conducted faecal sample collection in the Chongzuo White-Headed Langur National Reserve in Guangxi Province, China. The reserve comprises an area of 256 km 2 and includes the distribution area of two main populations, FS and CZ, which are inhabited by more than 90% of the extant T. T. leucocephalus is highly folivorous, inhabits karst limestone hills and occurs mainly in social groups of 3-30 individuals (mean = 11.7) (Jin, 2008; Jin et al., 2009) . A total of 403 faecal samples from 41 social groups were collected noninvasively from the limestone caves that langurs used as sleeping sites across the FS (N = 245) and CZ (N = 158) areas in dry winter months (mostly in January) between 2012 and 2014. The sampled social groups were relatively evenly distributed in the sampling areas (Figure 1 ). T. leucocephalus is the only colobine species occurring at the sampling sites. The only other primate in the reserve is the macaque (Macaca mulatta), but it generally does not co-occur with T. leucocephalus; moreover, the faeces of the two species are readily distinguishable. Caution was taken to select fresh (o3 days old) and separate faecal pellets to ensure DNA quality and avoid cross-individual contamination.
Faecal samples were submerged in 95-100% ethanol and stored at − 20°C until DNA was extracted.
DNA extraction, sex identification, mtDNA sequencing, microsatellite genotyping and individual identification Faecal DNA extraction, purification and concentration determination were described in detail previously . Molecular sex identification was carried out by PCR amplification of the sex chromosome-linked DEADbox gene that shows sexual dimorphism in size in a range of primate species (Villesen and Fredsted, 2006) , using conditions described previously . We determined the sex of the originating animal for 367 (91%) of the collected samples. Samples that failed to show an unambiguous result in molecular sex identification were considered as sex unknown. Sex information was accounted for during individual identification. Samples with identified and unknown sex were all included in the analyses.
We sequenced a fragment of 350 bp of the mtDNA hypervariable region I (HVRI) of the 403 collected samples that contained all known variable sites of the entire control region in our study population .
Genetic structure in fragmented landscapes W Wang et al Primer sequences, PCR conditions, sequencing information and procedures designed to exclude the possibility of contamination by nuclear insertion of mtDNA fragments (numts; Thalmann et al., 2004) followed established protocols . The mtDNA haplotype information was accounted for in individual identification, but not used in other data analyses of this study.
All faecal samples were genotyped at 15 variable microsatellite loci (WT-58, WT-97, with fluorescent-labelled primers by following the protocols specifically developed for non-invasive samples from T. leucocephalus (Wang et al., 2016) . Because DNA extracted from faecal samples is usually degraded and low in quantity, allelic dropout (ADO), false alleles (FA) and null alleles are likely to be common in PCR using such templates and lead to genotyping errors (Taberlet et al., 1999) . We followed the multiple-tube approach suggested by Taberlet et al. (1996) and modified by Frantz et al. (2003) , and determined the consensus genotype for each locus after 2-7 repetitions using independently extracted DNA. A heterozygous genotype was determined when each allele was amplified in at least two independent PCRs, and a homozygous genotype was determined based on at least three independent homozygote PCR results. We discarded samples that failed to produce a consensus genotype following the above criteria after seven PCR repetitions. We estimated that the rate of ADO varied from 2.4 to 17.3%, FA ranged from 0 to 5.1%, and genotyping accuracy was in the range of 90-99% across the 15 assessed loci using 86 samples randomly drawn from the collected faecal samples and our genotyping procedures (Wang et al., 2016) . MICRO-CHECKER v 2.2.3 (van Oosterhout et al., 2004 ) was used to check for possible null alleles, ADO and scoring errors due to stuttering. The significance of deviations from Hardy-Weinberg equilibrium (HWE) and the fixation index (F IS ) for each locus, as well as linkage disequilibrium (LD) among loci, were assessed with GENEPOP v 4.0 (Rousset, 2008) , followed by the sequential Bonferroni test (Rice, 1989) to correct for multiple comparisons by bootstrapping with 1000 replicates across loci to generate 95% confidence intervals.
The probabilities of identity for unrelated individuals (P ID ) and siblings (P ID-sib ) across loci were calculated using GENALEX v 6.5 Smouse, 2006,2012) . Samples showing identical genotypes at all microsatellite loci, mtDNA haplotype and sex were considered to be samples from a single individual. Samples with identical genotypes at all loci, but with differing sex or mtDNA haplotypes, were regarded as originating from distinct individuals. Samples that had identical genotypes at all but one locus were reamplified to ensure unique genotypes.
Population genetic structure inferred from microsatellite data
For microsatellite data, population differentiation was evaluated first using a classic Bayesian clustering approach implemented in STRUCTURE v 2.3.4 (Pritchard et al., 2000) without a priori designation of sample populations. This approach assigns individuals to putative populations such that HWE is maximised within each population. We used the admixture model and correlated allele frequencies within populations (Falush et al., 2003) . Simulations were run using 1 000 000 Markov chain Monte Carlo (MCMC) iterations, a burn-in of 100 000 and 10 independent runs for each value of K (assumed number of populations) to check for consistency in the results. We set the value of K from 1 to 8, the maximum number being the number of putative populations (FS-JCS, FS-BZ, CZ-N and CZ-S) plus 4 (Evanno et al., 2005) . The most likely value of K was determined by examining the log probability of the data [ln Pr (X|K)] and ΔK (Evanno et al., 2005) over multiple runs using STRUCTURE HARVESTER (Earl and vonHoldt, 2012) . The run with the highest posterior probability of the 10 STRUCTURE runs was exported.
Next, a neighbour-net tree was constructed based on Nei's standard genetic distance (D S ; Nei, 1972) between individuals. The neighbour-net algorithm constructs highly resolved networks and represent these in a splits graph Genetic structure in fragmented landscapes W Wang et al (Bryant and Moulton, 2004) , hence providing a visualisation of genetic variation among individuals. The neighbour-net analysis was conducted using POPULATION v 1.2.32 (http://bioinformatics.org/populations/) and visualised in SPLITSTREE v 4.13.1 (Huson, 1998) . Finally, the spatially explicit Bayesian clustering method implemented in the R package GENELAND v 4.0.4 (Guillot et al., 2005b) was used to detect genetic discontinuities between populations or individuals using microsatellite data. This method assigns individuals to putative populations by maximising HWE and gametic phase equilibrium within genetic clusters, and uses the spatial coordinates as a prior in the model. We used the uncorrelated allele frequency model (Dirichlet-model) for microsatellites, as the correlated model can be more prone to algorithm instabilities and sensitive to violation of model assumptions (Wei et al., 2015) . The presence of null alleles was allowed (Guillot et al., 2008) . We first ran five independent MCMC simulations with 1 000 000 iterations for the number of clusters and K varying from 1 to 10, of which every 100th iteration was saved. To assign the individuals to each of the genetic clusters, the model was run 20 more times, treating the number of clusters as known, based on the value of K inferred from the previous runs. Correlated and uncorrelated allele frequency models were each used 10 times in the following runs. The posterior probability of population membership was calculated using a burn-in period length of 1000 iterations (Guillot et al., 2005a (Guillot et al., , 2009 ).
Population genetic diversity, genetic differentiation and gene flow inferred from microsatellite data
To assess genetic diversity of three genetic subpopulations inferred by GENE-LAND, we used CERVUS v 3.0.6 (Kalinowski et al., 2007) to calculate the observed (A) number of alleles, polymorphism information content (PIC), and observed (H O ) and expected (H E ) heterozygosities at each microsatellite locus and for each population. Allelic richness (A r ) was calculated using HP-RARE (Kalinowski, 2005) . The effective number of alleles (N a ) was calculated using POPGENE v 1.32 (Yeh et al., 1997) .
To estimate genetic differences among inferred genetic subpopulations, we calculated pairwise F ST (Weir and Cockerham, 1984) and R ST (Slatkin, 1995) statistics between the populations using microsatellite data and ARLEQUIN v 3.5.1.2 (Excoffier and Lischer, 2010) . The significance of pairwise comparisons was tested with 10 000 permutations.
We estimated the effective number of migrants per generation (N e m, where N e is the effective population size and m is the migration rate) between inferred genetic subpopulations using a maximum likelihood approach in MIGRATE-N v 3.6.4 (Beerli and Felsenstein, 2001; Beerli, 2006) . We used F ST -based estimates as the starting parameter values. The sampling increment was set to 20, and the burn-in was set to 10 000. We performed three independent runs, each of 10 short chains with 10 000 steps and three long chains with 1 000 000 steps. All other settings were left at default values. The results of the three independent long chain search runs were checked for convergence and combined to produce the final results.
Causal modelling analyses of landscape factors
On the basis of field observations, we proposed four potential driving factors of genetic structure in T. leucocephalus: geographical distance (factor D), the large habitat gap between FS and CZ (factor L), the small habitat gap between FS-JCS and FS-BZ (factor S) and the national roads between CZ-N and CZ-S and between FS and CZ (factor R). We did not test the effects of other environmental factors such as forest cover, habitat connectivity within patches and levels of human disturbance, because these landscape parameters are similar and relatively consistent among patches. A matrix of genetic distance (G) among individuals was estimated by Rousset's a r (Rousset, 2000) and calculated using SPAGEDI v 1.5 (Hardy and Vekemans, 2002) . We tested one isolation-by-distance hypothesis modelled with genetic distances between pairs of individuals predicted to increase linearly with Euclidian distances between their sampling locations. In addition, we tested three isolation-by-barrier hypotheses (isolation-by-large habitat gap, isolation-by-small habitat gap and isolation-by-road) with categorical model matrices in which 0s and 1s represented pairs of individuals on the same or opposite side of the barrier, respectively.
As simple correlational analyses between genetic distance and individual environmental variables can produce spurious correlations (Cushman and Landguth, 2010b ), we applied a causal modelling approach, in which alternative hypotheses are compared based on relative statistical support to identify landscape factors influencing gene flow within and across habitat patches. Causal modelling provides estimates of statistical significance of a series of partial Mantel tests that can be used to find explanations that are most consistent with the expectations of the causal model (Cushman et al., 2006) . This approach has been shown to be highly effective at reducing the risk of spurious correlations between landscape factors and genetic patterns and identifying the correct driving process (Cushman and Landguth, 2010b) . We calculated four simple Mantel tests and 12 partial Mantel tests to evaluate the support for 15 organisational hypotheses representing all possible combinations of causality by the four landscape factors described above (D, L, S and R). We first computed the correlation coefficient (r) and associated P-value for each simple test between the genetic distance matrix and matrices corresponding to each of the four landscape factors. We then performed partial Mantel tests on each factor while controlling for one other factor, and compared the significant and non-significant results to the expectations under the 15 organisational hypotheses to identify those that were best supported. The relative support for the hypotheses was measured by the support rate of each hypothesis, which was calculated as the ratio of the number of tests consistent with the expectations to the total number of relevant tests. To obtain the confidence interval for each hypothesis, we randomly resampled 75% of the 214 individuals without replacement for 1000 iterations (Quéméré et al., 2010) . After identifying factor L as a major landscape feature that shaped genetic variation, we further analysed the correlations between genetic distance (a r ) and the geographical distances between individuals within FS and CZ by simple Mantel tests.
All Mantel tests were conducted in ARLEQUIN. Statistical significance was calculated by 10 000 iterations at a 95% confidence interval (CI).
RESULTS
Microsatellite genotyping and individual identification
Of 403 field-collected faecal samples (FS-JCS: 216; FS-BZ: 29; CZ-N: 133; CZ-S: 25), 20 were discarded due to their low (o50%) PCR success rate or missing data at 45 loci. The remaining 383 (95%) samples yielded genotype data at 10-15 microsatellite loci and were included in the subsequent analyses. The probability of identity by chance based on the 15 loci was computed as cumulative P ID (5 × 10 − 10 ) and P ID-Sib (5.9 × 10 − 5 ), suggesting that the panel of loci had high power to distinguish individuals in the population. We identified 187 unique genotypes based on the microsatellite data, and distinguished 27 additional individuals based on sex (N = 25) or mtDNA sequences (N = 2), resulting in a total of 214 unique individuals (FS-JCS: 119; FS-BZ: 12; CZ-N: 67; CZ-S: 16). All unique individuals with identical microsatellite genotype, but different sexes or haplotypes, were found in the same social group. The number of times that each individual was sampled varied from 1 to 10 (mean ± s.d.: 1.8 ± 1.3). The reoccurring individuals were always from the same social group, substantiating the accuracy of individual identification in our genetic analysis.
Population genetic structure inferred from microsatellite loci For microsatellite data, we first conducted STRUCTURE analyses, which showed consistent results over repeated runs for each tested K-value (1-8). The rate of change (ΔK) reached a maximum value when K = 2, indicating the likely presence of two genetic clusters (Figure 2) . The genetic partitioning of the FS and CZ samples explicitly corresponded with their geographical origins, with high (all q40.84; mean = 0.99) population assignment probability for all individuals (Figure 2) . No further divisions of genetic clusters were detected when K was increased to 5 (Supplementary Figure S1 ; Supplementary Information). Excluding identical microsatellite genotypes had no effect on genetic clustering of the FS and CZ samples (data not shown). To exclude interference caused by samples from other genetic groups in the analysis of subpopulation structure, we also ran separate STRUCTURE analyses on the FS and CZ samples (that is, a hierarchical STRUCTURE analysis; Evanno et al., 2005) , but failed to observe a clear subdivision in either cluster (data not shown). The partitioning of samples into two genetic clusters that were strongly correlated with their geographical populations was also confirmed by a neighbour-net tree based on Nei's standard genetic distance of the microsatellite loci between individuals (Figure 3) .
Assuming uncorrelated allelic frequencies between sampling sites, GENELAND inferred the presence of three genetic groups based on the highest average posterior probability, with clear spatial discontinuity between the CZ, FS-JCS and FS-BZ patches and individuals from each of these sampling sites forming a group (Figure 4) . No division was detected within the CZ samples. The genetically distinct groups assigned by the GENELAND analyses approximately corresponded to those inferred by STRUCTURE and by neighbour-net tree clustering, with the exception of the FS cluster, which was further divided into the FS-JCS and FS-BZ groups by GENELAND. FS-BZ has the smallest population size of the four analysed patches. The twelve sampled individuals from the FS-BZ patch were found to show assignment probabilities similar to those from the FS-JCS patch (using STRUC-TURE, Figure 2) ; these FS-BZ individuals were considered together with the FS-JCS individuals in the neighbour-net tree analysis (Figure 3 ). Taken together, the individual-based Bayesian statistical analyses and neighbour-net tree analysis of microsatellite data indicate that the T. leucocephalus population is genetically structured into two or three subpopulations.
Genetic diversity, genetic differentiation and gene flow analyses of microsatellite loci The 15 microsatellite loci had a number of alleles ranging from 2 to 8 per locus across all samples. For the inferred genetic subpopulations (FS-JCS, FS-BZ and CZ), mean allelic richness across the loci was low (2.5-3.6). The mean observed heterozygosity and expected heterozygosity of the three subpopulations were in the range of 0.51-0.53 and 0.43-0.53, respectively (Table 1) . The private allele frequency of the CZ population was 0.83, whereas that of the FS population was 1.04. HWE tests showed significant deviation from HWE for locus WHL-121 in the CZ population, WT-111 in the FS-JCS population and WT-97 in the FS-BZ population, whereas no significant deviation from HWE was detected in any subpopulation across all loci. The MICROCHECKER results showed a high frequency of null alleles for two loci: WHL-206 in CZ (0.094) and WHL-293 in FS-JCS (0.101). No significant linkage disequilibrium between loci was detected in any subpopulation, suggesting no physical linkage between the loci. Overall inbreeding coefficient (F IS ) values were negative, but not significantly different from zero in each genetic subpopulation (Table 1) , suggesting no apparent signature of inbreeding.
We assessed genetic differentiation among inferred subpopulations by pairwise F ST using the microsatellite data. Statistical tests showed significant pairwise F ST among CZ, FS-JCS and FS-BZ samples (Table 2) . Values of pairwise F ST ranged from 0.104 to 0.223, suggesting strong genetic divergence and low gene flow between the subpopulations. Calculation of the F ST value between CZ-N and CZ-S samples revealed significant genetic differentiation (F ST = 0.066, Po0.001), although no substructuring within the CZ population was detected in the population structure analyses. Measurement of Genetic structure in fragmented landscapes W Wang et al genetic differentiation by R ST showed similar patterns to those revealed by the F ST analysis (Table 2) . MIGRATE analyses estimated bidirectional migration rates ranging from 0.27 to 0.92 individuals per generation between the three inferred genetic subpopulations, with the highest migration rates between the FS-JCS and FS-BZ patches and lowest migration rates between the FS-BZ and CZ patches (Table 3) .
Causal modelling analyses of landscape factors
Coincidences of genetic boundaries and landscape features (large and small habitat gaps) suggest that anthropogenic land use may generate dispersal barriers for T. leucocephalus. However, other environmental factors, in particular geographical distance, have likely shaped the observed population genetic structure independent of the effects of barriers on gene flow. To identify the landscape factors structuring the genetic patterns across habitat patches, we first applied simple Mantel tests of four factors, geographical distance (D), roads (R), large habitat gaps (L) and small habitat gaps (S), for the degree of association with genetic distances (G) among individuals. The results of the simple Mantel tests showed that all factors except small habitat gaps were significantly correlated with genetic distance (following a Bonferroni correction; Po0.001) with high correlation values (0.47-0.54; Table 4 ). We then compared the alternative hypotheses of each and all combinations of the four factors with partial Mantel tests in a causal modelling framework. Table 5 shows the expectations of the 15 organisational hypotheses (in columns) of landscape factors driving population genetic structure and the results of 12 partial Mantel tests (in rows) for causal modelling analysis; the highlighted boxes indicate where the result of a partial Mantel test was consistent with the expectation of a hypothesis. The support rate for each hypothesis (that is, the ratio of the number of tests consistent with the expectations to the total number of relevant tests) varied from 0.10 to 0.84, with hypothesis 3 (L, that is, genetic structure is influenced by large habitat gaps only) being the most highly supported hypothesis. With a support rate of 0.83, Hypothesis 6 (D+L, that is, genetic structure is influenced by both geographical distance and large habitat gaps) was the next most highly supported hypothesis. The support rates of hypothesis 1 (D) and hypothesis 11 (D+R+L) were 0.80 and 0.66, respectively, whereas the support rates for the other eight hypotheses were o0.60. Three of the four most highly supported hypotheses included the influence of geographical distance (D) or large habitat gaps (L), one included that of roads (R) and none included that of small habitat gaps (S), suggesting strong impacts of the former two factors on genetic patterns.
To control for the effect of large habitat gaps (the most highly supported factor in causal modelling across the FS and CZ populations) and elucidate the effect of geographical distance at a finer spatial scale, we evaluated correlations between genetic distance and geographical distance for individuals within the FS and CZ populations separately using simple Mantel tests. A significant pattern of isolation by distance (IBD) was revealed in the FS population (r = 0.095, P = 0.013), but not in the CZ population (r = 0.058, P = 0.128) (Supplementary Figure S2 ; Supplementary Information).
DISCUSSION
Spatial genetic structure and potential barriers to gene flow Accurate assessment of the spatial genetic patterns of species living in heterogeneous habitats is an effective means of identifying landscape features and processes that influence genetic structure. As applying different analytical methods to the same data often yields inconsistent conclusions concerning patterns of genetic structure, the results of various methods should be compared to ensure accurate and comprehensive estimation of population genetic parameters Landguth et al., 2010) . We found an overall consistent delineation of two genetic subpopulations (FS and CZ) using the nonspatial Bayesian clustering approach STRUCTURE and genetic distance-based neighbour-net networks based on microsatellite data. The results of the spatial Bayesian clustering method GENE-LAND are in agreement with the genetic divergence between the FS and CZ populations, yet further divide the FS samples into JCS and BZ groups. GENELAND is one of the most powerful statistical methods of inferring genetic discontinuities and has shown high detection success rates within fewer generations following the establishment of barriers Ruiz-Gonzalez et al., 2015) . High levels of genetic differentiation among the three subpopulations are supported by the large and significant pairwise F ST values (0.10-0.22) obtained using microsatellite data.
The boundaries between the inferred genetic clusters coincided precisely with the spatial distribution of anthropogenic habitat gaps (for example, agricultural lands, human residential areas and so on), confirming the barrier effects of human land modification to dispersal of T. leucocephalus. Furthermore, the absence of apparent admixed individuals between the FS and CZ populations revealed by the Genetic structure in fragmented landscapes W Wang et al STRUCTURE analysis suggests a very low level of gene flow between populations and strong isolation caused by large non-habitat areas separating forest patches. Causal modelling analysis identified large habitat gaps and geographical distance as the primary landscape factors contributing to spatial genetic patterns across the distribution range of T. leucocephalus, in agreement with the strong genetic differentiation between the FS and CZ populations. Within the two main habitat areas, the FS population showed a significant genetic pattern of isolation-by-distance, whereas the CZ population did not. The signature of isolation-by-distance is critically dependent on the relative spatial scale of the study area and the dispersal distance of the species under analysis. Sampling within the dispersal extent may obscure the effects of geographical distance on the genetic structure of the organism (Cushman and Landguth, 2010a) . We do not have direct observational data on the dispersal distance of T. leucocephalus. On the basis of the first-generation migrants detected using microsatellite data, the geographical distances between migrant individuals and their inferred natal groups ranged from 0.2 to 5.3 km in the FS population (Wang and Yao, 2017) . The habitat size of the FS population is larger than that of the CZ population (the largest distance between sampled groups was 13.6 km in FS and 8.3 km in CZ). Therefore, the size of the CZ patch may be closer to the maximum dispersal distance of the langur, which may account for the less pronounced pattern of isolation-by-distance of the CZ population in comparison with that of the FS population.
The genetic discontinuity between the FS-JCS and FS-BZ populations detected by the GENELAND analysis of microsatellite data coincided with a small habitat gap (shortest distance was approximately 3 km) consisting of farmland and human residences, indicating that even small non-habitat zones can pose dispersal barriers for T. leucocephalus. Genetic differentiation (measured by pairwise F ST ) and migration rates revealed by microsatellite data suggest that the FS-JCS and FS-BZ populations are moderately differentiated, but still functionally connected by low levels of gene flow; however, the two populations share no common mtDNA haplotypes despite their geographical proximity, indicating complete genetic isolation of the two patches . The discrepancy between the genetic patterns shown by the two types of molecular markers may be best explained by male-biased dispersal in T. leucocephalus. Observational studies have shown that the male offspring of a reproductive group often disperse before sexual maturity, whereas females mostly remain and reproduce in their natal groups (Jin, 2008; Zhao et al., 2011) . Sexual differences in dispersal tendency and capacity likely lead to a stronger genetic structure in the more philopatric sex (female in this case), which thus show greater genetic differentiation as revealed by sex-specific markers (mtDNA) in comparison with that revealed by biparentally inherited markers (microsatellites) (for example, Prugnolle and de Meeus, 2002) .
Although none of the genetic structure analyses detected substructuring within the CZ population, genetic differentiation measured by pairwise F ST analysis of microsatellite data reached a significant and relatively high value (0.066) between samples from the CZ-N and CZ-S patches, suggesting that genetic differentiation is occurring between these populations, which are separated by a national road. Roads have been shown to impede gene flow and promote genetic isolation in many mammalian species (for example, Epps et al., 2005; Perez-Espona et al., 2008) . However, previous studies indicate that the effect of roads on primate genetic structure is insignificant or ambiguous (Radespiel et al., 2008; Quéméré et al., 2010) . Many characteristics determine the impacts of roads on wild animals, including their year of construction, size, traffic density, and the presence of fences Holderegger and Di Giulio, 2010) . In our case, the national road in question was likely first paved in the 1970s, but it may have existed in a primitive form for a much longer time. Although the road is currently of moderate size and traffic load, the residences of a village along the road where it cuts across the CZ area may present an additional barrier to the langurs as a result of their behavioural avoidance of humans. Furthermore, the small population size of the CZ populations, particularly CZ-S, may have enhanced the road-induced genetic isolation and differentiation due to strong genetic drift.
Genetic diversity and population demographic history
The levels of genetic diversity assessed by microsatellite heterozygosities and number of alleles were noticeably lower than those reported for several other endangered primate species with similar total population sizes (Table 6 ). In addition, the CZ population displayed microsatellite diversity comparable to that of the FS population (Table 1 ), yet it was entirely devoid of mtDNA variation . It is worth noting that cross-species comparisons of genetic diversity parameters based on different microsatellite loci are prone to ascertainment bias in that the genetic diversity level in a species can be high due to the inclusion of highly polymorphic markers. However, the panel of microsatellite loci in our study was developed specifically for T. leucocephalus, and we selected the most polymorphic loci of isolated microsatellites from the genome (Wang et al., 2016) . Therefore, we think that the lower microsatellite diversity in this species compared with the other endangered primate species is mostly likely caused by the overall low genetic diversity of the genome rather than marker selection. In addition, the sample size of our study was larger than those of studies of other endangered primate species, and therefore the difference in genetic variation was not attributed to limited sampling. The phylogenetic relationship revealed by mtDNA sequences shows that T. leucocephalus constitutes a monophyletic clade nested within the François' langur (Trachypithecus francoisi), from which it diverged 0.46-0.27 Myr ago (Liu et al., 2013) . Thus, possible explanations for low genetic variation in the species may include its relatively short evolutionary history, restricted historical population size and recent population declines due to habitat deterioration and hunting by humans. The stark contrast between the genetic diversity levels of the CZ population measured by microsatellite and mtDNA data might be a result of the establishment of this population by a small number of female founders, giving rise to low mtDNA diversity, followed by genetic exchange with other populations (such as the FS population) primarily mediated by male dispersal, resulting in relatively high nuclear marker (microsatellite) variation.
Implications for conservation management
Little historical data are available about human activity in the study area. The earliest record of the region is the establishment of Xiangjun County during the Qin Dynasty nearly 2200 years ago. Agricultural Genetic structure in fragmented landscapes W Wang et al activity and land modifications may have increased subsequently, but the timescale and spatial extent of habitat destruction are unclear. Despite the relatively rapid mutation rate of microsatellites, the short history of human activity precludes meaningful calculations of isolation time between the habitat areas. Furthermore, population genetic processes such as genetic drift, gene flow and bottleneck effects can obscure the estimation of population divergence times based on genetic distance and a constant mutation rate (Relethford, 1996; Arbogast et al., 2002) . Therefore, the question still remains as to when anthropogenic factors began to impact the population genetics of the langur. Although no genetic signature of inbreeding was detected in this study, nor signs of genetic erosion, such as reduced birth rates or increased disease-associated mortality, have been reported in wild T. leucocephalus, the low genetic diversity level and strong population structure of the species increase the risk of inbreeding depression and further loss of genetic viability in remnant populations. Tracking genetic patterns and population dynamics will allow detection and alleviation of anthropogenic dispersal barriers before their influences on genetic connectivity fully manifest. On the basis of the microsatellite and mtDNA data , the T. leucocephalus population can be regarded as two management units (MUs; Moritz, 1994) corresponding to FS and CZ, due to their demographic independency as assessed by strong genetic differentiation and very low between-area migration rates. Genetic divergence between habitat patches within each area (FS-JCS and FS-BZ; CZ-N and CZ-S) is less pronounced than that between the habitat areas (FS and CZ), most likely attributed to much shorter geographical distances and weaker barrier effects of landscape features between patches, which result in less severe genetic isolation. However, as human disturbance and land modification continue to intensify as a result of population growth and economic development, genetic separation among habitat patches may be rapidly aggravated. Given the already low genetic variation in the species, reproductive isolation will greatly accelerate the process of genetic erosion by drift and inbreeding depression, particularly in small populations (Keller and Waller, 2002; Keyghobadi, 2007) . Conservation efforts should focus on enforcement of habitat connectivity among adjacent patches that are divided by narrow habitat gaps or roads. Genetic isolation can be prevented by regulating human activity and restoring vegetation corridors for dispersal routes between small populations. Considering the close proximity between adjacent patches and current migration patterns, corridor building would be easy to implement and more practical than human-assisted dispersal or ex situ conservation. Gene flow and inbreeding status should be closely monitored by non-invasive genetic methods to evaluate the effectiveness of conservation efforts and assist in future management planning.
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